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SUMMARY

1. Nitrogen (N) processing in streams has been investigated using whole-stream 15N addition

experiments that, in general, have found that a large proportion of added nitrate removed from

the water column appears to be assimilated by the stream benthos. The long-term fate of this

retained N is unknown, and of particular interest is the possibility that it becomes denitrified

through coupled mineralisation–nitrification–denitrification processes (indirect denitrification).

2. We used in situ chambers to produce highly 15N-enriched benthic biofilms and removed the

chambers to allow biofilms to interact with ambient stream conditions. Nitrogen assimilation and

direct denitrification were estimated from the first chamber deployment. Chambers were

periodically reinstalled over 4 weeks to measure tracer 15N in ammonium (NHþ4 ), nitrate (NO�3 )

and dinitrogen (N2), from which we estimated subsequent rates of biotic N transformations,

including N mineralisation (ammonification), nitrification and indirect denitrification. We also

estimated rates of depuration of 15N tracer from benthic biomass compartments.

3. Nitrate uptake was roughly equivalent in the sand and cobble habitats that dominated the

stream. Direct denitrification (denitrification of NO�3 from the water column) was an order of

magnitude higher in cobble habitats than in sand habitats, accounting for c. 26 and 2% of total

nitrate uptake in cobble and sand, respectively.

4. Mean residence times of actively cycling organic N in stream benthos (algae and microbes) were

16 days in cobble habitats and 9 days in sand habitats. The difference between habitat types was

driven by the influence of N residence time in epilithic biofilms (18 days) on cobbles.

5. Release of enriched 15NO�3 was the primary flux of remineralised N, while release of enriched
15NHþ4 was an order of magnitude less. We detected slight 15N enrichment in dissolved nitrogen

gas (N2) in post-enrichment sampling, indicating that indirect denitrification was taking place.

However, indirect denitrification accounted for <0.1% of the assimilated N.

6. These experiments agree with results of whole-stream 15N additions, in that most added N was

assimilated rather than directly denitrified. Assimilation was primarily a short-term N retention

mechanism in this stream, and indirect denitrification of assimilated N accounted for only a minor

proportion of the observed 15N loss over time.

7. Remaining possible fates include export of N as particulate organic matter, which may lead to

additional storage of assimilated N in downstream habitats, and consumption by grazers.
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Introduction

Human land use and elevated atmospheric deposition of

nitrogen (N) can lead to increased concentrations of

anthropogenic N in streams, causing eutrophication in

recipient freshwater and coastal ecosystems (Rabalais,

2002; Lewis & Wurtsbaugh, 2008). There has been

considerable effort in the past two decades to establish
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the role that in-stream processes play in retaining

anthropogenic N and preventing it from reaching down-

stream waterbodies. Much of this work has focused on

uptake of N from the water column by benthic stream

biota (Mulholland & Webster, 2010). An important recent

finding is that most of the nitrate (NO�3 ) removed from

stream water is assimilated by stream organisms and only

a fraction is consumed in direct denitrification (i.e.

denitrification of NO�3 that comes directly from the water

column) (Mulholland et al., 2008).

Short-term N uptake experiments provide an incom-

plete picture of the fate of N that is retained on the stream

bottom. Rates of assimilation are such that organic N

cannot simply accumulate in situ or the equivalent organic

matter would soon fill the entire stream channel (e.g.

Arango et al., 2008), and therefore, the organic N must be

either subsequently transported downstream, consumed

by grazers or mineralised and denitrified in place. Far less

attention has been paid to the ultimate fate of assimilated

N, even though this is a critical issue for our understand-

ing of nutrient retention in streams.

Following assimilation of inorganic N from stream

water, N can be cycled in place within microbial commu-

nities or biofilms for some length of time. Assimilated N

could then be remineralised and released to the water

column as ammonium (NHþ4 ) or, upon nitrification, as

NO�3 . Prior to being released to the water column,

remineralised N may be denitrified through the process

of coupled mineralisation–nitrification–denitrification (of-

ten referred to as indirect denitrification). Alternatively,

assimilated N may be transported some distance down-

stream as detrital particulate organic matter, dissolved

organic N (DON) or living organisms, before eventually

becoming remineralised and perhaps denitrified.

Retention time of benthic N is regulated, in part, by the

strength of internal nutrient recycling in benthic biofilms.

In estuarine sediments, for example, considerable internal

recycling of N occurs between benthic algae and sediment

bacteria and also within bacterial communities (Cook

et al., 2007; Veuger et al., 2007). Recycling of nutrients

within a stream biofilm can satisfy a large portion of the

nutrient demand in low-nutrient streams (Mulholland

et al., 1991) and may be driven by a coupling of

autotrophic and heterotrophic activity. Biofilm recycling

is greatly influenced by factors such as nutrient availabil-

ity, light conditions and grazer activity (Mulholland et al.,

1991; Steinman, Mulholland & Beauchamp, 1995).

As stream biofilms grow and develop, they incorporate

N from the water column while also releasing reminer-

alised N back to the water column as NHþ4 or NO�3 .

Although both assimilation and remineralisation occur

constantly, the balance between net assimilation and net

remineralisation depends on biofilm density (accumu-

lated biomass) and growth dynamics (Grimm, 1987;

Teissier et al., 2007). Likewise, rates of N transformation

in epilithic biofilms, including nitrification and denitrifi-

cation, are related also to biofilm density (Teissier & Torre,

2002; Teissier et al., 2007). The result is an ontogeny of net

N assimilation followed by net remineralisation and

transformation as biofilms mature and senesce, which

together determine the timing and nature of N retention

in a stream or river. In temperate climates, this ontogeny

is driven by seasonal changes in temperature, day length,

shading by deciduous canopies and flow regimes. In

addition to temporal shifts, N transformation may vary

spatially within the stream channel owing to heterogene-

ity in channel habitat.

Sloughing of biofilms by high water flows and grazing

activities often result in assimilated N being transported

downstream as particulate organic matter. Depending on

stream discharge and velocity, particulate matter (and

associated N) can be transported to significant distances

and is subject to multiple resuspensions before eventually

being remineralised (Newbold et al., 2005; Hunken, 2006).

Floods and spates scour benthic organic matter from the

streambed and increase particle transport, in response to

higher discharges and sheer velocities, leading to even

further transport downstream. Particulate matter often

settles in depositional environments within the channel

(e.g. log jams, deep pools), or in hyporheic zones, or in

downstream lentic environments (e.g. lakes, beaver ponds

or other impoundments) (Hall et al., 2009; O’Brien et al.,

2012). Organic matter degradation and nutrient cycling in

depositional environments may differ from processes

elsewhere in the stream, and anaerobic microbial degra-

dation (including denitrification) may be more prevalent

in these habitats.

Indirect denitrification, or coupled mineralisation–nitri-

fication–denitrification, is an important pathway in some

aquatic environments (Seitzinger et al., 2006). For instance,

indirect denitrification is roughly equal to direct denitri-

fication (denitrification of NO�3 coming directly from the

water column) in unfertilised estuarine sediments (Koop-

Jakobsen & Giblin, 2010). The importance of indirect

denitrification is less well understood in streams, and it

has only been examined in a few studies. Direct denitri-

fication was more important than indirect denitrification

in intact cores from an agriculturally impacted stream

with high NO�3 concentrations (Sugar Creek) in Illinois

(Smith et al., 2006, 2009). However, indirect denitrification

accounted for as much as 66% of total denitrification in

the less-impacted Neuse River, North Carolina (Whalen
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et al., 2008). Indirect denitrification represents a pathway

through which assimilated N is permanently removed

from the ecosystem; therefore, the prevalence of indirect

denitrification determines whether assimilated N repre-

sents a temporary or permanent sink for NO�3 from

stream water.

Thus, while it has been well established that assimila-

tion of inorganic N in the benthos is a critical process of N

retention time in streams, the relative importance of

particular fates of N following assimilation remains

unclear. In this study, we used novel in situ chamber

experiments to directly examine the fate of assimilated N

in a stream, focusing on benthic residence time and forms

of inorganic N release. We allowed uptake of 15N-

enriched NO�3 to enrich patches of the streambed biofilm

and then monitored export of 15N from these patches over

the subsequent month. These 15N enrichment experiments

were distributed between cobble and sand reaches in the

stream to account for differences in these prominent

habitat types. We predicted that the assimilated biofilm N

would be predominantly remineralised and released to

the water column as NHþ4 and NO�3 . We also predicted

that a significant proportion of assimilated N would be

indirectly denitrified within the benthic environment. The

goals of this study were to compare rates of biotic N

transformations, to assess the relative importance of direct

and indirect denitrification and to determine the fate of

assimilated N in terms of residence time and form of

export.

Methods

Study site

This study was conducted in Augusta Creek at the W.K.

Kellogg Experimental Forest (42¢3624�N, 85¢3544�W) in

SW Michigan, USA. The stream is 3rd order, has a low

gradient and drains a 70-km2 catchment composed of

glacial till with mixed land use (mainly row crops,

pasture, forest and wetlands). The stream gains ground

water along most of its length, and its water is alkaline.

Nitrate concentrations increase along the length of the

stream from below the detection limit (<0.001 mmol L)1)

in the headwaters to around 0.11 mmol L)1 at the study

site. Sediment composition in the stream alternates

between sand and cobble with variable amounts of detrital

organic matter derived mainly from litterfall. In the

Kellogg Experimental Forest, the stream is c. 5–6 m wide

and is bordered by deciduous hardwood forest, but much

of the stream channel receives direct sunlight several

hours of the day. Our study area is among the sites used to

develop the river continuum concept (Vannote et al., 1980),

and descriptions of stream chemistry (Manny & Wetzel,

1973; Wetzel & Manny, 1977) and biology (Minshall et al.,

1983) have been previously published.

Experimental design

We used in situ benthic chambers to label stream biofilms

with 15N-enriched NO�3 over a 24-h period in 10 patches

(hereafter called flux patches) along Augusta Creek. The

chambers were then removed, and the flux patches were

subject to ambient stream conditions. Periodically, we

replaced chambers over the patches for short periods of

time to monitor 15N release as NO�3 , NHþ4 and nitrogen

gas (N2) from biofilms to the water column. We enriched

seven additional patches (hereafter called biomass

patches) to monitor the decline in 15N remaining in

benthic biomass over time (i.e. the 15N depuration).

Patches were distributed evenly across the prevalent sand

and cobble habitat types.

We constructed open-bottom benthic chambers using

clear acrylic (Acrylite�) plastic. Chambers were trapezoi-

dal in cross section with dimensions 0.6 m · 0.3 m · 0.1 m

(l · w · h) and had a total volume (including pump and

tubing) of 15 L. Water in the chambers was circulated

using a submersible AC, magnetic-drive pump (Pond-

master Magdrive; Danner Manufacturing, Islandia, NY,

U.S.A.) connected to the front and back of the chamber

with vinyl chloride tubing. We fitted chambers with a

sampling port to collect water samples and a dissolved

oxygen (O2) sensor (YSI DO200; Yellow Springs

Instruments, Yellow Springs, OH, U.S.A.). Chambers

were attached to 0.6 m · 0.3 m aluminium frames that

had been inserted 10 cm into sediments, flush with the

streambed, 7–14 days prior to 15N tracer enrichment.

Frames had a 1-cm lip that allowed the chambers to seal

with the frame via a foam rubber gasket, and chambers

were secured to the frames using elastic cords.

When using open-bottom chambers, a particular con-

cern is ensuring a proper seal between the chamber and

substratum. A perfect seal in a flowing environment is

difficult, despite best efforts, and some degree of leakage

between the chamber and outside stream water is to be

expected. To account for any leakage in the chambers, we

used low concentrations of fluorescent dye (Rhodamine

WT, RWT; Ben Meadows Co, Janesville, WI, U.S.A.) as a

visual indicator of leakage in the field, allowing us to

make on-site adjustments when necessary. Sodium bro-

mide (Br)) is a more conservative tracer than RWT and

was used as a quantitative measure of exchange during all

chamber samplings.
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Field and laboratory methods

On the day of isotope enrichment (day 0) at each flux

patch, we secured a chamber to the frame and conducted

an initial low-level 15NO�3 addition (1.07 atom % 15N,

c. 2000&) by injecting 30 mL of tracer solution

(0.59 mmol L)1 15NO�3 , 15.6 mmol L)1 Br) and RWT) into

the chamber to measure uptake and denitrification at

ambient conditions. The increase in NO�3 concentration

from this addition was 1.1 lmol L-1 or roughly 1% of

ambient NO�3 concentration. We collected samples to

monitor NO�3 and NHþ4 concentrations every 30 min for

2.5 h and collected pre- and post-15N addition samples for

the determination of 15N abundance in NO�3 and N2.

After the initial low-level 15N addition, we conducted a

high-level 15NO�3 enrichment experiment to label benthic

compartments. We injected 30 mL of a more concentrated

tracer solution (321 mmol L)1 15NO�3 [60 atom%],

15.6 mmol L-1 Br), 2.0 mmol L)1 PO3�
4 and RWT) to the

chamber. The isotope enrichment experiments had a

target NO�3 concentration increase of 0.64 mmol L)1 (final

concentration c. 0.75 mmol N L)1) and a target enrichment

of c. 50 atom% 15N. We added PO3�
4 to the isotope

enrichment solution to avoid phosphorus limitation in the

chamber during the enrichment period. We collected

samples for NO�3 and NHþ4 concentrations every 30 min

for the first 3 h (and at irregular intervals thereafter) with

chambers left in place for 22 h. At the end of this period,

we removed the chambers and allowed the patch to be

exposed to ambient stream conditions.

On days 2, 4, 8, 16 and 24 after isotope addition, we

reattached benthic chambers to the frames for 3-h periods

during midday. Chambers were open to ambient light for

the first 2 h and then covered with a dark plastic sheet for

the remaining 1 h. This had the dual effect of enabling us

to determine O2 metabolism in the light and dark and also

maintaining O2 concentrations at approximately in-stream

levels. Chambers left uncovered for more than 2 h in

direct sun began to exceed normal in-stream dissolved O2

levels (<110% saturation), especially in cobble habitats.

We collected samples to determine 15N abundances of

NO�3 , NHþ4 and N2 at the start and end of each 3-h period.

Samples for 15NO�3 and 15NHþ4 were filtered (using GF ⁄F
glass-fibre filters) in the field, chilled immediately and

stored frozen prior to analysis. We processed dissolved N2

samples in the field according to the method of Hamilton

& Ostrom (2007), and samples were analysed for 15N : 14N

using a Sercon dual-inlet isotope-ratio mass spectrometer.

In parallel with the enrichment of the flux patches

described above, the natural abundance (background)

and enriched 15N content of fine benthic organic matter

(FBOM) and epilithon were measured at 7 of the biomass

patches. We enriched each biomass patch using the same
15N enrichment protocol and at the same time as was

done in the flux patches. We collected samples for FBOM

from each biomass patch using a 10-cm pipe corer at the

same time as chamber sampling. The pipe was inserted

into the stream substratum at a randomly chosen

location in each patch, and surface FBOM samples were

collected by gently stirring the water in the core and

collecting suspended FBOM. We then flushed the water

from the core and collected deeper FBOM by vigorously

stirring the water and sediment to a depth of 5 cm, again

collecting suspended material. We collected epilithon

samples by collecting 3 rocks from randomly chosen

locations within each patch and scraping the biofilm

from the rock with a blunt knife. Subsamples of benthic

material were filtered, dried and ashed at 500 �C for 3 h

to determine ash-free dry mass (AFDM). Separate subs-

amples were freeze-dried, ground with mortar and

pestle and analysed for 15N abundance as described

above.

We determined 15N content of NO�3 using a modified

version of the NH3 diffusion method (Sigman et al., 1997).

Water samples containing c. 75 lgNO�3 -N were concen-

trated and NHþ4 volatilised (removed) by boiling with

3.0 g MgO and 5.0 g NaCl. Samples were then transferred

to 250-mL media bottles to which an additional 0.5 g

MgO, 0.5 g Devarda’s alloy and a Teflon filter packet were

added. We constructed Teflon filter packets by sealing a

10-mm Whatman GF ⁄D glass-fibre filter, acidified with

25 lL of 2.0 MM KHSO4, within a packet made of Teflon

plumber’s tape. Sample NO�3 was reduced to NHþ4 by

reacting at 60 �C for 48 h with Devarda’s alloy. Sealed

bottles were then placed on a shaker for 7 days to allow

for ammonia to diffuse into the headspace and onto the

acidified filter. We then removed the filter from the media

bottle, dried it and analysed for 15N abundance using an

isotope-ratio mass spectrometer. We used a similar

method but without Devarda’s alloy to determine 15N

content of NHþ4 . Filtered water samples were transferred

to 1-L Nalgene polypropylene bottles to which 3.0 g MgO,

50 g NaCl and a Teflon filter packet were added. Bottles

were sealed and placed on a heated shaker for 14 days at

40 �C to allow for diffusion of NH3 onto the acidified

filters.

We analysed water samples for NHþ4 concentration

using the phenol hypochlorite method (Aminot,

Kirkwood & Kerouel, 1997). We measured NO�3 and Br)

concentrations in water samples using membrane-

suppression ion chromatography with conductivity

detection (APHA, 2006, method 4110).
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Calculation of N transformations

We calculated rates of N transformation in each chamber

run from changes in concentration and isotopic enrich-

ment of NHþ4 , NO�3 and N2 and an isotope mixing model

(Glibert et al., 1982). We calculated rates of NO�3 uptake

and direct denitrification during the initial tracer 15NO�3
addition on day 0. We calculated ammonium uptake and

mineralisation from changes in NHþ4 concentration. Rates

of nitrification and denitrification were then calculated

from the appearance of tracer 15NO�3 and 15N2 in the

chamber using an isotope mixing model.

We calculated NO�3 uptake rates as the ln-transformed

decline in the concentration of 15NO�3 as a function of time

(kn). We calculated direct denitrification from the increase

in the abundance of tracer 15N in dissolved N2 with time

in the chamber during the initial low-level 15NO�3 enrich-

ment.

We determined rates of NHþ4 uptake and mineralisation

by analysing changes in NHþ4 concentration in the cham-

bers using an updated version of a model used by O’Brien &

Dodds (2008), modified to correct for chamber leakage. For

the purpose of this method, we define mineralisation

specifically as the production of N as NHþ4 . Briefly, the

model uses variations in NHþ4 concentration (C) to estimate

NHþ4 uptake and mineralisation (M, lg L)1 h)1) in a closed

chamber, assuming 1st-order NHþ4 uptake kinetics (ku*C)

and constant mineralisation rates (eqn 1). Co is the steady-

state concentration where uptake equals M.

dC=dt ¼ �ku � CþMþ kL � ðCo � CÞ ð1Þ

The rate of chamber leakage (kL, h)1) was determined

by changes in Br) concentration during each run. In this

study, we did not specifically manipulate NHþ4 and had to

rely on the ambient starting NHþ4 concentrations from

runs on different dates to inform the model. In using this

approach, we assumed that uptake coefficients and

mineralisation rates were constant at each patch over the

length of the study.

We used an isotope mixing model to calculate nitrifi-

cation and indirect denitrification rates from the observed
15N enrichments in water-column NHþ4 , NO�3 and N2

above background at the end of the 3-h chamber run. We

modelled the rate of 15NHþ4 enrichment by simply

inserting the appropriate isotopic abundances into equa-

tion 1 (i.e. yielding eqn 4) and solving for the 15N atomic

fraction (A¢) of the ‘active’ N pool (i.e. the pool of organic

N that is actively being mineralised). Once we determined

A¢, we used similar models of enrichment in 15NO�3 and

15N2 abundances to estimate nitrification (N) and indirect

denitrification (Dn), respectively (eqns 3 & 4).

d15NHþ4 dt ¼ AtCt � Ct�1At�1 ¼ A0M� ðkuAtCtÞ
þ kLðAoCo �AtCtÞ ð2Þ

d15NO�3 =dt ¼ A0N� ðknAtCtÞ þ kLðAoCo �AtCtÞ ð3Þ

d15N2=dt ¼ A0Dn þ kLðAoCo �AtCtÞ ð4Þ

where At is the atomic fraction [i.e. 15N ⁄ (14N + 15N)] in

the sample at time t and Ao is the background atomic

fraction.

Turnover rates of the active N in benthic compartments

(i.e. benthic N residence times) were calculated by linear

regression of ln-transformed tracer 15N content over time,

and residence times of N in benthic compartments were

calculated as the inverse of k, the slope of the regression line.

We calculated benthic metabolism during each chamber

run. Community respiration (CR) was estimated from the

linear decline in O2 in covered (dark) chambers. Gross

primary production (GPP) was calculated from the linear

net increase in O2 concentration in the light (NPP)

corrected for CR (GPP = NPP + CR) (Bott et al., 1985).

Heterotrophic respiration was calculated (HR = CR –

a*GPP) with an a value of 0.2, assuming a partly grazed

biofilm (McIntire et al., 1996; Young & Huryn, 1999). All

metabolism measurements were converted into rates per

unit area based on the chamber volume (15 L) and benthic

surface area (0.18 m2).

To complete a mass balance of added 15N isotope in the

plots, we calculated the total assimilation of tracer 15N

during the enrichment. Total assimilation was defined as

the disappearance of 15NO�3 from water within the cham-

ber, corrected for chamber leakage and denitrification, over

the 22-h enrichment period. By elevating the NO�3 concen-

tration more than 10% during the 15N enrichment period,

we elevated both the rates of NO�3 uptake (Ut) and

potentially the rate of direct denitrification of NO�3 above

background levels. We did not measure denitrification

during the high-level 15N enrichment but assume that the

stimulation of rates of denitrification and assimilation by

the biofilm were proportional (Mulholland et al., 2008). We

calculated cumulative production of 15N as NHþ4 , NO�3 and

N2 from the patches by integrating the rates of 15N

remineralisation over the 24 days of the study.

Results

Although high discharge events occurred in Augusta

Creek prior to and immediately following the study
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period, there were no major discharge events during the

study. A discharge of about 0.8 m3 s)1 was maintained

during the study period, with flow gradually decreasing

into late August and September (Fig. 1). Background

concentrations of NO�3 rose from 80 to 178 lmol L-1 as

discharge decreased. Discharge and NO�3 concentrations

are closely, but inversely, coupled in Augusta Creek

because of the high NO�3 concentration in local ground

water, which represents a greater fraction of discharge at

low flow. Water-column concentrations of NHþ4
(<0.75 lmol L-1) and soluble reactive phosphorus

(<5 lg L)1) both remained relatively low throughout the

study period.

Sand and cobble habitats in Augusta Creek had com-

parable standing stocks of benthic organic matter (mea-

sured as AFDM) and benthic N near the surface (Table 1).

Midday primary production in the cobble habitats

showed nearly 4-fold higher rates than sand habitats

(P < 0.01, t-test) (Table 1). CR rates in cobble habitats were

double the rates of sand habitats (P < 0.01, t-test). The

difference in CR between cobble and sand habitats was

primarily due to higher respiration by autotrophs (i.e.

epilithic algae) in the cobbles, and heterotrophic respira-

tion was not significantly different between the two

habitats (P > 0.05, t-test).

In the sand habitats, the primary biomass compartment

was deep FBOM, which accounted for 85% of benthic 15N

tracer initially found on the stream bottom (Table 2). In

the cobble habitats, epilithon was the primary biomass

compartment accounting for 82% of benthic 15N tracer,

while deep FBOM accounted for a majority of the

remaining tracer assimilation. Observed 15N tracer stocks

are only a small fraction (<10% of total assimilated 15N) of

what we expected to find, based on 15NO�3 uptake during
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Fig. 1 Discharge and NO�3 concentrations at Augusta Creek during the study period (13 July to 11 September 2008). Discharge was measured by

the United States Geological Survey.

Table 1 Ecosystem metabolism and mean standing stocks (±SE) of ash-free dry mass (AFDM), total benthic N and abundance of 15N in benthic

compartments of Augusta Creek

Habitat Benthic compartment

AFDM

g m)2

Total benthic N

g m)2

GPP

mmol C m2 h)1

CR

mmol C m2 h)1

HR

mmol C m2 h)1

Sand Surface FBOM 97 (58) 2.8 (1.9) 2.2 (1.2) 1.8 (0.4) 1.1 (0.4)

Deep FBOM 734 (342) 12.7 (8.9)

Cobble Surface FBOM 74 (108) 1.1 (1.6) 8.2 (1.9) 3.9 (0.5) 1.4 (0.3)

Deep FBOM 117 (108) 3.3 (3.5)

Epilithon 140 (72) 5.1 (2.6)

FBOM, fine benthic organic matter.

Metabolism measurements include gross primary production (GPP), community respiration (CR) and heterotrophic respiration (HR).
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the enrichment period. However, these benthic tracer

stock data are poorly constrained as seen in the large

standard errors surrounding the estimates in Table 2.

Benthic 15N tracer stocks declined exponentially over

the 24 days following enrichment (Fig. 2). Mean residence

times of benthic N, the average amount of time an atom of
15N tracer spends in the active benthic compartment, were

similar in deep FBOM (9 days) and surface FBOM

(10 days) within the sand habitats (Table 2). Residence

times in FBOM in the cobble habitats were similar to those

in sand: 11 and 12 days for deep and surface FBOM,

respectively. Residence time in epilithon was longer

(18 days) than the FBOM, possibly due to greater recy-

cling between algae and bacteria. Mass-weighted resi-

dence times for benthic 15N tracer were 9 days for the

sand habitats and 16 days for cobble habitats.

Rates of N transformations were surprisingly similar

between sand and cobble habitats (Table 3). NO�3
uptake rates accounted for the largest proportion of N

transformation with an average of 350 ± 46 lmol m)2 h)1

(mean ± SE) in sand habitats and 400 ± 33 lmol m)2 h)1

in cobble habitats and did not significantly differ.

Nitrification rates also were similar between habitats

and were much lower than NO�3 uptake, leading to

net declines in NO�3 concentration over time in the

chambers. Ammonium turnover rates (NHþ4 uptake and

mineralisation) were much smaller than rates of NO�3
uptake and nitrification. Denitrification rates were

12 ± 5.3 lmol m)2 h)1 in sand and 83 ± 37 lmol m)2 h)1

in cobble, resulting in a higher proportion of NO�3 uptake

ascribed to direct denitrification in cobble than in sand

habitats.

Based only on the N transformation rates in Table 3, the

combined inorganic N uptake (NO�3 and NHþ4 ), corrected

for denitrification, exceeded the combined rates of inor-

ganic N regeneration (mineralisation and nitrification).

This suggests either that N was accruing in the benthic

biofilm pool or that N was being exported in another

form. Benthic N pools did not greatly increase over the

course of the study, suggesting that N was exported,

probably as dissolved and ⁄or particulate organic N, or

consumed by grazers. By difference, this flux appears to

be on the order of 220 ± 60 lmol m)2 h)1, which accounts

Table 2 Abundance of 15N (±SE) and mean turnover times (±95%

C.I.) in benthic compartments of Augusta Creek

Habitat

Benthic

compartment

Compartment
15N

mmol m)2

Turnover

time

days

Total

benthic 15N

mmol m)2

Sand Surface FBOM 0.03 (0.02) 10 (6–31) 0.22 (0.13)

Deep FBOM 0.19 (0.13) 9 (6–17)

Cobble Surface FBOM 0.02 (0.03) 12 (4–>100) 0.82 (0.37)

Deep FBOM 0.13 (0.13) 11 (8–21)

Epilithon 0.67 (0.34) 18 (10–78)

FBOM, fine benthic organic matter.
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Fig. 2 Atom percentage excess of 15N abundances (i.e. abundances

corrected for background) in benthic biomass compartments over

time in cobble (a) and sand (b) habitats in Augusta Creek.

Table 3 Rates of N transformation (±SE) in sand and cobble habitats of Augusta Creek

Habitat

NHþ4 uptake

lmol m)2 h)1

NHþ4 mineralisation

lmol m)2 h)1

Nitrification

lmol m)2 h)1

NO�3 uptake

lmol m)2 h)1

Denitrification

lmol m)2 h)1

Sand 20 (5.5) 4.6 (0.7) 141 (45) 350 (46) 12 (5.3)

Cobble 13 (4.2) 4.3 (1.4) 100 (33) 400 (33) 83 (37)
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for more than 50% of total N assimilation for both habitat

types.

Remineralisation fluxes of tracer 15N from benthic

biofilms as 15NHþ4 and 15NO�3 were relatively steady over

the 24 days following enrichment and did not signifi-

cantly differ between sand and cobble habitats. The 15N

atom percentage excess of remineralised N followed a

similar temporal pattern to the 15N benthic stock but was

considerably more enriched in 15N. This is because it

represents remineralisation of the highly 15N-enriched

‘active N’ pool, rather than the total benthic stock, which

incorporates both ‘active N’ and ‘dead N’ pools. Remin-

eralisation fluxes of 15NHþ4 ranged 0.04–3.2 lmol m)2 h)1

from the sand habitat and 0.03–2.8 lmol m)2 h)1 from the

cobble habitat (Fig. 3a). Remineralisation fluxes of 15NO�3
ranged 0.4–1.9 lmol m)2 h)1 from the sand habitat and

0.5–1.5 lmol m)2 h)1 from the cobble habitat (Fig. 3b). We

were able to detect significant increases in 15N2 abundance

above background only on days 2 and 4 following the

period of 15N enrichment (Fig. 3c).

We estimated that 15NO�3 assimilation was

12.2 mmol m)2 in sand and 10.4 mmol m)2 in cobble.

Over the 24-day period, we observed approximately

constant rates of 15N export owing to remineralisation

and nitrification between sand and cobble habitats.

Cumulative remineralisation of 15NHþ4 was 0.037 mmol

m)2 (±0.007 SE) from sand and 0.035 mmol m)2 (±0.007

SE) from cobbles. We measured a similar magnitude of

cumulative 15NO�3 release to the water over the same

period, with 0.65 mmol m)2 (±0.04 SE) from sand and

0.57 mmol m)2 (±0.04 SE) from cobble. Cumulative

release of 15N2 accounted for only 0.01 mmol m)2 at both

habitats. In total, we observed a cumulative inorganic 15N

release (NHþ4 + NO�3 + N2) of 0.70 mmol m)2 (±0.09 SE)

for sand and 0.63 mmol m)2 (±0.10 SE) for cobbles, which

only accounted for a small fraction of the assimilated
15NO�3 (Fig. 4). Based on the rates of benthic N turnover, a

majority of the enriched 15N isotope was lost from the

plots by the end of the 24 days (93% for sand and 80% for

cobble), but the observed flux of tracer 15N leaving the

plots only accounts for a small proportion of the total 15N

that was evidently taken up and then later lost from the

benthos.

Discussion

Uptake of N from the water column has long been viewed

as a key indicator of N retention in streams. The fraction

of N uptake that is directly denitrified is permanently

removed, but the fraction that is assimilated may repre-

sent only a temporary sink. Therefore, as commonly

stated, ‘N retention in streams’ can include direct deni-

trification, assimilated N that is temporarily detained (i.e.

eventually remineralised to become available again),

assimilated N that is converted to organic N and exported

in a less available form (e.g. as particulate organic N or

DON or grazer biomass) and ⁄or assimilated N that is later

removed entirely via indirect denitrification. In Augusta

Creek, assimilated 15N tracer was retained within the

patches where enrichment was conducted for an average

of 2–3 weeks before disappearing. Remineralisation and

subsequent release of inorganic N was a significant fate of

assimilated N, whereas conversion to N2 gas via indirect
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Fig. 3 Remineralisation fluxes of tracer 15N from benthic biofilms as

NHþ4 , NO�3 and N2 in sand and cobble habitats over the 24 days

following enrichment. Mean release rates did not differ significantly

between the two habitats, although there was considerable variation

in release rates within habitats (i.e. in replicate plots) and over time.
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denitrification accounted for very minor proportion of

assimilated N (c. 1% of the cumulative remineralisation).

A mass balance of the tracer 15N suggests that reminer-

alisation at the site of assimilation in general can account

for up to 10% of the tracer 15NO�3 that was initially

assimilated by the stream biofilms (Fig. 5). A comparison

of N transformation rates similarly suggests an imbalance

between uptake and remineralisation. We hypothesise

that the remainder of the tracer 15N was lost via organic

forms (perhaps released as dissolved and particulate

organic nitrogen or consumed by grazers) that we were

unable to quantify during this study.

We found that 15N tracer rapidly cycled through the

benthic compartments with benthic N retention times

between 8 and 18 days. The results from Augusta Creek

are in line with retention times reported in previous

studies. Similar N retention times were found in nearby

Eagle Creek (MI, U.S.A.) for epilithon (14 days) and

FBOM (7 days) (Hamilton et al., 2001). Kings Creek, an

open prairie stream, had much faster turnover of N in

epilithon (1.5 days), but slower N turnover in the FBOM

(20 days) (Dodds et al., 2000). Much longer turnover times

were reported for FBOM from Upper Ball Creek (53 days,

Tank et al., 2000) and Walker Branch (>100 days, Mulhol-

land et al., 2000), but these were both in forested catch-

ments with very low nutrients, and the FBOM may have

been more refractory than the FBOM in Augusta Creek.

The higher NO�3 concentration in Augusta Creek may

have also influenced the turnover times of FBOM in our

study.

Direct denitrification accounted for 3 and 24% of the

NO�3 removed from the water column at ambient NO�3
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Fig. 4 Cumulative release of 15N tracer from the plots over the

24 day study as a proportion of the initial tracer mass (i.e. % 15N

yield) shows that DIN release accounted for a small portion of total
15N tracer uptake, with NO�3 as the primary product of benthic N

remineralisation and N2 as a minor product.
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Fig. 5 Fate of NO�3 following uptake in Augusta Creek (generalised between sand and cobble habitats) based on a mass balance of tracer 15N. A

majority of NO�3 uptake from the water column was attributable to assimilation (88%), while a smaller proportion (12%) was consumed by

direct denitrification. Most of the assimilated N was apparently exported from the point of uptake as organic N, while NO�3 was the main form

of export following remineralisation. Organic N exported from the point of uptake may eventually be mineralised as it travels downstream or, if

consumed by grazers, would eventually be remineralised.
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concentrations in the sand and cobble habitats, respec-

tively, which resembles the median percentage of 15%

reported for a large set of whole-stream 15N addition

experiments by Mulholland et al. (2008). Of the assimi-

lated tracer 15N, only a very small portion was eventually

subject to indirect denitrification (<0.01%), and thus,

direct denitrification was much more important than

indirect denitrification in this stream. This result is not

surprising, given the high concentration of NO�3 in the

stream water. The balance between direct and indirect

denitrification in other aquatic systems is heavily influ-

enced by N availability (Jenkins & Kemp, 1984; Koop-

Jakobsen & Giblin, 2010). Water-column NO�3 in Augusta

Creek was well above the 30–60 lmol L-1 suggested by

Seitzinger et al. (2006) as the threshold below which

indirect denitrification exceeds direct denitrification. The

implication is that direct denitrification is the primary

mechanism of N removal for streams with elevated NO�3
concentrations, and assimilatory uptake of NO�3 is

primarily a temporary sink for N.

Scaling up to the ecosystem

The 15N labelling and tracking strategy used in this study

required us to employ benthic chambers, rather than an

ecosystem-level assay. The chamber approach allowed us

to measure slow processes such as 15N release without the

problem of tracer dilution that would have been the case

in an open-channel approach. This was especially advan-

tageous for indirect denitrification, which would have

been impossible to detect in an open-channel setting

owing to the effects of both dilution and reaeration on

dissolved N2. It would have been prohibitively expensive

to sufficiently label a reach of Augusta Creek with tracer
15N to be able to measure the 15N2 production. By

allowing the sediments to be exposed to ambient flow,

light, temperature and grazer conditions for most of the

study period, the chamber approach we employed also

provided an additional level of realism. Despite this, the

results may still suffer many of the same limitations

common to all benthic chamber studies in streams.

Benthic chambers only capture a portion of the spatial

heterogeneity of biological processes that occur in a

stream, which may limit the applicability of results to

the whole ecosystem (Marzolf, Mulholland & Steinman,

1994). Heterogeneity in biotic activity and biomass leads

to large variations in process rates throughout the chan-

nel. Spatial heterogeneity led to large variation in esti-

mates of 15N fluxes and process rates in Augusta Creek.

The effect of spatial heterogeneity is especially prevalent

for denitrification, which can vary greatly even across the

width of a channel (Groffman, Dorsey & Mayer, 2005;

O’Brien & Williard, 2006; Knapp et al., 2009). Addition-

ally, the use of chambers may miss important hotspots

such as hyporheic flow paths (Hall et al., 2009). Despite

these issues, chamber measurements of N cycling have

been shown in some instances to closely approximate

measurements taken at the whole-stream level (O’Brien &

Dodds, 2008; Smith et al., 2009).

Based on the rates of N transformation, it appears that

chambers in this study were able to capture enough of the

channel heterogeneity to be comparable to ecosystem-

level measurements. The average rates of NO�3 uptake

and denitrification fall in the ranges previously published

for agriculturally influenced streams (Mulholland et al.,

2008, 2009). Average NO�3 uptake rate and uptake velocity

(Vf = 0.0001 cm s)1) from our August Creek chamber

measurements fell close to the values of streams with

similar NO�3 concentrations in the Lotic Intersite Nitrogen

Study (Mulholland et al., 2008).

In Augusta Creek, the two main habitat types (sand and

cobble) were quite similar in terms of NO�3 uptake and the

eventual fate of assimilated N. This similarity between

habitats makes it easier to scale the data to the stream

reach, without having to account for the relative abun-

dance of habitats. Based on the overall mean NO�3 uptake

rate, at the mean discharge and NO�3 concentrations

during the study, the uptake length of NO�3 in Augusta

Creek was around 146 km. This uptake length is consid-

erably longer than reported for many headwater streams,

implying export of most of the NO�3 to downstream parts

of the fluvial network, and is due both to the size of the

stream (Q � 800 L s)1) and to its elevated NO�3 concen-

tration (Helton et al., 2011).

The rates of N transformations studying Augusta Creek

were consistent with those reported for other agricultur-

ally influenced Midwestern streams. Published rates of N

remineralisation for streams are rare in the literature, but

the rates in Augusta Creek are on the same order of

magnitude as rates reported in tall-grass prairie streams

(O’Brien & Dodds, 2008). Nitrification rates were similar

to those reported for other low-order streams in the

Kalamazoo River catchment (Arango et al., 2008), but

denitrification rates in Augusta Creek were lower than

those reported for nearby streams. A recent study by

Smith et al. (2009) employed a similar chamber approach

to measuring N transformations at Sugar Creek in Illinois.

Denitrification rates in Augusta Creek were on the lower

end of the range reported by Smith et al. (2009) (34–

212 lmol N m)2 h)1), although NO�3 concentrations at

Sugar Creek were much higher than in our study.

Nitrification rates in Sugar Creek (3.5 lmol N m)2 h)1)
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were much lower than the rates measured in our study

(Smith et al., 2009).

Effects of elevated NO�3 loading on N retention

Increased NO�3 concentrations result in decreased effi-

ciency of uptake and stimulate greater direct denitrification

in streams (O’Brien et al., 2007; Mulholland et al., 2008), but

what effect will increased NO�3 concentrations have on the

fate of N following uptake? Retention times of biofilm N

may decrease with elevated N availability as internal

cycling and coupling between autotrophic–heterotrophic

production and carbon exchange decrease (Scott et al.,

2008; Lyon & Ziegler, 2009). Biofilm standing stocks

increase with nutrient availability, but biofilm density

may increase to the point where net N remineralisation

occurs (Teissier et al., 2007). The relative importance of

indirect denitrification decreases as NO�3 concentrations

increase (Seitzinger et al., 2006). Particulate organic matter

export increases owing to greater biofilm sloughing from

productive biofilms and can also be increased by enhanced

flood intensity in human-dominated landscapes (e.g.

Murdock, Roelke & Gelwick, 2004).

Based on results of this and previous studies, we

predict that the fate of N in streams with lower available

N concentrations than Augusta Creek will be character-

ised by longer retention times (more internal recycling),

increased relative importance of indirect denitrification

and lower rates of remineralisation to the water column,

all resulting in longer nutrient retention. In high-nutrient

streams like Augusta Creek, the fate of assimilated N will

be characterised by rapid cycling through biofilms fol-

lowed by remineralisation to the water column and

particulate organic N export. These predictions need to

be tested across a range of streams, and the chamber

approach pioneered in this study will provide a valuable

tool in such efforts.
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